Metal-salt amended soils (MA, n = 23), and historically-contaminated urban soils from two English 11 cities (Urban, n = 50), were investigated to assess the effects of soil properties and contaminant source 12 on metal lability and solubility. A stable isotope dilution method, with and without a resin purification 13 step, was used to measure the lability of Cd, Cu, Ni, Pb and Zn. For all five metals in MA soils, lability 14 (%E-values) could be reasonably well predicted from soil pH value with a simple logistic equation. 15
Lead solubility was most poorly described, especially in the Urban soils. Generally, slightly poorer 23 estimation of metal solubility was observed in Urban soils, possibly due to a greater incidence of high 24 pH values. The use of isotopically exchangeable metal to predict solubility is appropriate both for 25 historically contaminated soils and where amendment with soluble forms of metal is used, as in 26 toxicological trials. However, the major limitation to predicting solubility may lie with the accuracy of 27 model input variables such as humic acid and Fe oxide contents where there is often a reliance on 28 relatively crude analytical estimations of these variables. 29 30 Capsule: 31
Trace metal reactivity in urban soils depends on both soil properties and the original source material; 32 the WHAM geochemical model predicts solubility using isotopically exchangeable metal as an input. 33 34 1. INTRODUCTION 35 Accurate assessment of risk from heavy metal contamination of the environment requires consideration 36 of metal 'reactivity' or 'lability' in soils (Fairbrother et al., 1999; Lock and Janssen, 2001) . Published 37 literature (Degryse et al., 2004 , Tack, 2010 , Hammer et al., 2006 generally suggests that the lability of 38 trace metals in soils is the net result of three factors: (i) soil properties, including soil physicochemical 39 characteristics such as pH (e.g. McBride et al., 2006; Bonten et al., 2008) and redox potential (Borch et 40 al., 2010) arising from characteristics of the original contaminant source are usually difficult to assess (Mao et al., 49 2014) . 50
A range of techniques have been developed to measure the lability of trace element fractions in soils, 51 among which isotope dilution is perhaps the most appropriate method (Degryse et al., 2009 ). This 52 approach defines an amount of metal, distributed between the solution and solid phases, which is 53 isotopically exchangeable, known as the E-value or ME (Smolders et al., 1999; Young et al., 2000) . 54
Measurement is achieved by adding a small 'spike' of an enriched isotope of the analyte of interest into 55 a pre-equilibrated soil suspension and measuring the isotopic abundance of the spike isotope in the 56 separated solution phase. The extent to which the spike isotope has been able to mix with the indigenous 57 soil metal quantifies the 'isotopically exchangeable' metal pool in the soil. The method has been 58 modified to correct for the presence of non-labile metal in sub-micron colloidal particles (SCP-metal) 59 by adding a resin purification step (Lombi et al., 2003) . E-values can then be used as input variables to 60 geochemical speciation models, such as WHAM (Windermere Humic Aqueous Model, Tipping et al., 61
2.2
Soil characterization 94 Some of the soil properties originally determined were re-measured to identify changes during storage 95 and to provide a more complete input dataset for subsequent modelling (Section 2.6). Soil pH was 96 measured on suspensions (1 g soil: 30 mL of 0.01 M Ca(NO3)2) using a pH meter with combined 97 Ag/AgCl glass electrode (Model pH 209, HANNA Instruments, Bedford, UK). Total organic matter 98 content was estimated using a LECO combustion analyser (Tye et al., 2003) for MA soils. For Urban 99 soils total organic matter content was calculated from the difference between total soil carbon (SC) 100 content measured using an Elemental Analyser (CE Instruments model Flash EA1112) and calibrated 101 using a range of certified soils, and carbonate content determined by manometric assay using the Collins' 102 calcimeter method (Piper, 1954) . Alkaline extraction was used to determine humic acid (HA) and fulvic 103 acid (FA) content in all soils. Organic carbon content in HA and FA was measured using a Shimadzu 104 TOC-Vcp analyser. Clay content (%) was estimated from the soil texture classification provided by 105 Tye et al. (2003) for MA soils. Iron, Al and Mn oxide concentrations were determined following 106 extraction with a mixture of sodium dithionite, sodium citrate and sodium bicarbonate (DCB extraction, 107
Cadmium, Cu, Ni, Zn, and Pb lability measured by isotopic dilution (E-value)
114
Sample preparation 115
The stable isotopic dilution method used in this study was adapted from Atkinson et al. (2011) . Soils 116 were pre-equilibrated in 0.01 M Ca(NO3)2 (1 g: 30 mL) on an end-over-end shaker for 3 days; 4 117 suspensions were made for each soil. An aliquot (0.4 mL) of enriched stable isotope stock solution 118 (ISOFLEX, San Francisco CA, USA) in~2% HNO3, with known isotopic abundances (IA) for 108 Cd 119 (IA = 69.7%), 65 Cu (IA = 99.0%), 62 Ni (IA = 98.2%), 204 Pb (IA = 98.8%) and 70 Zn (IA = 92.7%) was 120 added to two of the suspensions and the other two were used as control samples to derive the natural 121 isotopic abundance of the labile metal. The spike isotopes used were, with the exception of 65 Cu, chosen 122 because they have relatively low natural isotopic abundance (De Bievre and Barnes, 1985) . Therefore, 123 only a small addition to the system was required to produce a significant increase in IA from the 124 background level. To reduce the number of individual operations and to avoid adding different amounts 125 of isotopes to each soil, the samples were classified into several groups according to their soil metal 126 content. The level of isotope tracer to be added was determined from the highest concentration of metal 127 in each group to ensure that the difference in isotopic ratio between the spiked and un-spiked samples 128 was at least 20 %. After spiking, the suspensions were shaken for a further 3 days; the solution and solid 129 phases were then separated by centrifugation (2200 g) and then filtration (< 0.2 µm). For several Urban 130 soils, where the native and/or spike metal concentrations in 0.01 M Ca(NO3)2 suspension were judged 131 to be too low to provide reliable isotopic ratios (Midwood, 2007) , a suspending solution of 1×10 -5 M 132 EDTA was used to shift the labile metal equilibrium in favour of the soil solution while presenting 133 minimal risk of mobilizing non-labile metal, as shown by Atkinson et al., (2011) and Nazif et al., (2015) . 134
ICP-MS settings for measuring isotopic abundances and calculation of E-value 135
Isotopic ratios in supernatant solutions were measured by ICP-MS in 'collision cell with kinetic energy 136 discrimination' (CCT-KED) mode to avoid interference from the chlorine dimer ( 35 Cl-35 Cl), and other 137 polyatomic species, on 70 Zn (Malinovsky et al., 2005; Stenberg et al., 2004) . Quadrupole dwell times 138 were short to reduce plasma flicker: 108 Cd (10 ms), 111 Cd (2.5 ms), 63 Cu (2.5 ms), 65 Cu (10 ms), 60 Ni 139 (2.5 ms), 62 Ni (10 ms), 204 Pb (10 ms), 206 Pb (2.5 ms), 207 Pb (2.5 ms), 208 Pb (2.5 ms), 66 Zn (2.5 ms) and 140 70 Zn (10 ms). The isotopes 59 Co, 107 Ag and 202 Hg were also measured, as quadrupole settle points 141 (Marzouk et al., 2013a) . It is well known that the relative abundance of Pb isotopes varies according 142 to the sources of Pb present in the soil (Komarek et al., 2008) . Therefore, instead of relying on assumed 143 relative abundances of naturally occurring isotopes, the apparent isotopic ratio in un-spiked samples 144 (blanks) was also determined for all five elements. To avoid the electron multiplier detector tripping to 145 analogue mode, all the sample solutions were diluted appropriately. 146 A source of error when analysing stable isotopes is mass discrimination: isotopes with greater mass are 147 measured by ICP-MS with greater sensitivity and so the measured ratio of CPS for two isotopes is not 148 equal to their true isotopic ratio. External mass discrimination correction was therefore applied using a 149 certified isotopic standard reference material (NIST, SRM 981) for Pb and a mix of single ICP-MS 150 calibration standards for Cd, Cu, Ni, and Zn. The mixed standard (25 µg L -1 ) was used to calculate a 151 correction factor (K-Factor) (Eq. 1): 152
where IR and CR are the true isotopic ratio and the measured ratio of CPS for the isotopic standard 154 respectively. For individual samples, the K-factor for each isotopic ratio (e.g. 204 Pb/ 208 Pb, 206 Pb/ 208 Pb, 155 207 Pb/ 208 Pb) was estimated by linear interpolation between the K-factor measured for standards run at 156 intervals of eight samples. 157
Concentrations of isotopically exchangeable metal (ME; mg kg -1 ) were calculated for Cd, Cu, Ni, Pb 158 and Zn from Eq. 2 adapted from Gabler et al. (1999) : 159
(2) 160
where AmMsoil and AmMspk are the average atomic masses of Cd, Cu, Ni, Pb or Zn in the soils and the 161 spike isotope solution respectively, W is the weight of the soil (kg), Cspk is the gravimetric concentration 162 of the metal in the spike solution, Vspk is the volume of spike added (L), IA is the isotopic abundance 163 and Rss is the ratio of isotopic abundances, spiked (spk): background (bg), for the two isotopes in the 164 spiked soil solution. For comparative purposes, lability is often expressed as a percentage of the total 165 metal content of the soil (%ME) 166 A 'resin purification' test for the presence of non-labile metal in suspended colloidal particles (SCP-167 metal; < 0.2 µm), first described by Lombi et al. (2003) , was undertaken. Analytical grade Na-Chelex-168 100 resin (Bio-Rad laboratories, UK) was converted to the Ca 2+ form by equilibrating in 0.5 M Ca(NO3)2 169 for 2 hours. The resin was then washed twice with MilliQ water (18.2 MΩ cm) to remove remaining 170 Na + ions. An aliquot of Ca-Chelex resin (c. 100 mg) was introduced into 10 mL of filtered (< 0.2 µm) 171 solution from both spiked and un-spiked soil suspensions. After equilibration for 2 hours, the resin was 172 rinsed with MilliQ water three times to remove colloidal particles. Metals were then eluted from the 173 resin with 0.5 M HNO3 and the measured isotopic ratio used to calculate the labile pool (MEr; mg kg -1 ). 174
Results were compared with ME measured directly on the filtered solution phase to test for the presence 175 of non-labile SCP-metal. 176 
Describing lability (%ME) as a function of soil properties 191
Two types of empirical model for predicting %ME from measured soil properties were assessed. The predicted assuming that %ME was controlled only by pH and that the pH at which 50% of the metal 203 was labile (pH50) was metal specific (Eq. 4). 204
(4) 205
In Eq. 4, the 'spreading factor' (kM) controls the slope of the model trend across the pH range and is 206 probably unique to a particular soil-metal combination. Therefore, an attempt was made to refine Eq. 207 4 by making kM a function of other soil characteristics (S) describing the role of likely metal adsorbents 208 (e.g. %SOC, metal oxide concentration and clay content); a power function (n) was added because it 209 achieved a better fit to the data in practice (Eq. 5). 210
(5) 211 A further simplification was to combine the measured oxide phases into a single variable, allowing for 212 differences in the molecular weight for Al2O3, Fe2O3·H2O and MnO2, resulting in three variables 213 (%SOC, mineral (hydr)oxides and clay). Only one of the three variables was assumed to control the 214 spread of %ME values with pH (Eq. 5) for each metal. The constants in Equations 4 and 5 were 215 optimized, using the Solver function in Microsoft Excel, to assess the performance of each model. 216
2.6
Predicting trace metal solubility and speciation by WHAM-VII 217 The geochemical speciation model WHAM-VII was used to predict Cd, Cu, Ni, Pb and Zn 218 concentration in the solution phase of soil suspensions. Measured values of ME were used as inputs to 219 WHAM, representing the total reactive trace metal fraction in the soil suspensions. The modelled metal 220 concentration in solution was compared with measured values to assess the model performance. 221
Speciation in solution and fractionation in the soil solid phase were derived from the model output. 222
Model parameters and variables are listed in Appendix 1. 223 
RESULTS

Measured metal lability in soils 247
Values of %ME for Cd, Cu, Ni, Pb and Zn are shown in Fig. 1 . For Urban soils the average %ME values 248 were 47.2% (Cd), 20.5% (Cu), 6.28% (Ni), 21.1% (Pb) and 18.1% (Zn) emphasising the need to 249 consider metal lability (i.e. ME, mg kg -1 ), rather than just total soil metal content, when assessing risk 250 and mobility in brownfield sites. Values of metal lability in the MA soils were significantly greater 251 than in the Urban soils with average %ME values of 74.4% (Cd), 48.7% (Cu), 36.2% (Ni), 54.1% (Pb) 252 and 41.5% (Zn) despite three years incubation of MA soils at 80% field capacity and a further 12 years 253 of storage under air dry conditions. In both sets of soils, the relative lability of the five metals followed 254 the same sequence (Cd > Pb ≥ Cu > Zn > Ni). 255
The presence of a non-labile fraction of metal in suspended colloidal particles (SCP-metal) in the 256 submicron filtered (< 0.22 µm) supernatant solutions from the soil suspensions used to measure ME 257 values was investigated by comparing ME and MEr (Appendix 3). For most of the soils, SCP-metal had 258 only a very small effect on measured E-values. There was a strong correlation between %ME and %MEr 259 and an average difference of less than 2% for all five metals; a significant difference was only observed 260 for Cu in the soils investigated. The ratio of CuE : CuEr against soil pH and %CuE ( Fig. 2a & 2b) clearly 261 suggests the presence of SCP-Cu, despite filtration to < 0.22 µm, especially at low levels of %ME and 262 high pH values in the Urban soils. 263 264 The effects of soil properties on values of %ME were described in two ways: a multiple-regression 265 model, which has the advantage of being able to include many variables, and a simple logistic model 266 with soil pH as the primary determining factor. 267
Predicting metal lability from soil properties
In the current study, seven variables were available to predict values of %ME from Eq. 3. Metal lability 268 in the Urban soils is likely to have been affected by factors other than soil properties, especially metal 269 source characteristics. Therefore, Eq. 3 was parameterized using data from the MA soils only in which 270 the added metal was from a single, initially dissolved, source. The goodness of fitting was evaluated 271 from the values of RSD and correlation co-efficient (r). A good level of prediction was achieved for Cd 272 (r=0.92, RSD=6.3), Ni (r=0.97, RSD=5.85) and Zn (r=0.95, RSD=7.7), but Cu and Pb were less 273 successfully modelled, with correlation co-efficient equals to 0.83 and 0.85 respectively. Soil pH was 274 negatively correlated with %ME for all five metals and accounted for the largest proportion of the total 275 variance in %ME in the MA soils: 63.2%, 25.5%, 73.1%, 53.3% and 66.1%, for Cd, Cu, Ni, Pb and Zn 276 respectively. The optimized constants, RSD values and correlation co-efficients (r) are summarized in 277
Appendix 4. 278
Although linear regression modelling can provide reasonable predictions of metal lability where %ME 279 is largely a function of soil characteristics and a single contaminant source predominates, as in the MA 280 soils, the application of this model is limited to the range of data used to parameterise the model. 281
Extending 'prediction' of lability outside this range can result in physically impossible outcomes in 282
which modelled values of %ME may be negative, or > 100%. By contrast, a sigmoidal model (Eq. 4) 283 offers more realistic boundaries to model outcomes (%ME = 0~100%). The sequence of optimized 284 pH50 values was Cd > Pb > Cu > Zn > Ni, and covered nearly three pH units, in agreement with the 285 expected order of metal lability. The exponential factor kM is related to the range of pH values over 286 which the major change in %ME occurs. Inclusion of each of the adsorption phases (OM, oxides, and 287 clay) was then used to try and refine prediction of %ME according to Eq. 5. For Cd, Ni and Zn, the best 288 prediction, lowest RSD and highest value of r, was achieved by including total oxide content within Eq. 289 5 (S value) to control the spread of predicted %ME values as a function of pH. For Cu and Pb, including 290 total oxide content also improved prediction of %ME, but the lowest RSD was obtained by including 
Metal lability in MA and Urban soils solely as a function of soil pH
297 Measured values of %ME for Cd, Cu, Ni, Pb and Zn in MA and Urban soils, as a function of pH value, 298 are shown in Fig. 3 with model lines derived from Eq. 4. In the MA soils, for all five metals, there was 299 no obvious bias in model prediction across the pH range. Measured values of Cu lability were only 300 weakly correlated with pH. Although Cd and Pb also showed a restricted range of %ME values, lability 301 exceeded 90% and 80%, respectively, below pH 4.0. Zinc and Ni in the MA soils both showed 302 substantially greater variation in %ME with pH compared to the other three metals. Only small and non-303 significant differences between predicted values of %ME were achieved by substituting Eq. 5 for Eq. 4 304 (p > 0.05) which implies no advantage in considering an effect of geocolloidal adsorption phase in the 305 sigmoidal equation. The values of pH50 optimized using Eq. 4 were very similar to those for Eq. 5 and 306 followed the observed sequence of relative metal lability in soils (Appendix 5). The measured values 307 for the Urban soils are shown for comparison with the MA soils in Fig. 3 . Soil pH affected metal lability 308 in the Urban soils with a trend qualitatively similar to that of the MA soils but %ME values were greatly 309 over-predicted by the model (Eq. 4 parameterised using the MA soils) in all cases. 310
Possible source effects were investigated by calculating the deviation from the model line as a 311
proportion (%) of the modelled E-value (%ΔME); the model being parameterized solely from the MA 312 soils for each element. No correlation between %ΔME and pH or %C was observed with the exception 313 of Pb where a trend with pH was apparent (r = 0.602) suggesting either a pH effect on the source of Pb 314 or a continuing effect of soil-metal contact time (greater for the Urban soils). Thus, overestimation 315 of %ME values for Pb was greater for soils with high pH and low metal lability. 316
Changes in Cd and Zn lability in air dried soils during storage 317
For the MA soils, a paired t-test showed that the difference between ME and ME * measured using radio-318 isotopes by Tye et al. (2003) was significant for Zn (p = 0.007), but not for Cd (p = 0.416). However, 319 for the Urban soils, there was a significant difference for both Zn and Cd (p < 0.001) with, 320 generally, %ME* > %ME ( Fig. 4a) . It is notable, for example, that the difference between ME and ME* 321 was more pronounced in high pH soils than in acidic soils ( Fig. 4b) . However, only a very small 322 difference between ME and ME* was observed in MA soils; the average ratio ME : ME* was 0.93 and 323 1.00 for Zn and Cd respectively. In contrast, for the Urban soils the ratios were 0.71 and 0.69 for Zn 324 and Cd. 325 326 The ability of the geochemical speciation model, WHAM-VII, to predict Cd, Cu, Ni, Pb and Zn 327 concentration in solution is shown in Fig. 5 as modelled against measured solubility on a -log10 scale 328 (pMsoln). Values of ME were input to the model to represent the reactive metal pool in the soil 329 suspensions (Appendix 1). Overall WHAM-VII predicted trace metal solubility reasonably well for 330 both sets of soils. The values of RSD were less than 1 (pMsoln unit) for all five metals although the 331 average absolute bias (∆p(Msoln)) differed between metals. Summary of model outcomes comparing the 332 measured and the predicted are provided in the Appendix 6. 333
WHAM-VII prediction of metal solubility and fractionation
Predictions of Cu, Ni, Cd and Zn solubility were only slightly better for MA soils than for the Urban 334 soils but the difference for Pb was greater: r values for Pb were 0.96 and 0.78 for MA and Urban soils 335 respectively. Among the five metals, the model gave the best prediction for Cd and Ni with relatively 336 low scatter around the 1:1 line (RSD = 0.51 and 0.63 respectively) and a high correlation coefficient (r 337 = 0.94 for both metals). The high RSD value for Zn (0.83) occurred because the model substantially 338 overestimated the solution concentration for several Urban soils with high pH values (6.93 to 8.08) and 339 very low Zn concentrations in solution. Prediction of Cu solubility was reasonably good (RSD = 0.45; 340 r = 0.74) but with some Urban soil outliers. Lead solubility was most poorly predicted by WHAM-VII 341 (RSD=0.64; r=0.85). However, splitting the Pb dataset between MA and Urban soils, it was clear that, 342 although there was less average bias compared to the other metals, the poor correlation coefficient and 343 large RSD value was due to the Urban soils (RSD = 0.73, r = 0.78, ∆pPbsoln = -0.08), whereas solubility 344 for the MA soils was more accurately predicted although with very slightly greater bias (RSD = 0.35, r 345 = 0.96, ∆pPbsoln = 0.11). 346
Trace metal fractionation in the solid phase is provided by WHAM-VII as an output. Therefore, metal 347 adsorption on different binding phases was investigated by interrogation of the WHAM-VII output data 348 to determine whether particularly large deviations between measured and predicted metal solubility 349 were associated with predominant sorption on particular binding phases. Average fractionation was 350 modelled using WHAM-VII and includes six particulate geocolloidal fractions and a single pool for the 351 solution phase, including 'colloidal' (dissolved) fulvic acid. values of %ME, probably because the larger content of native metal in the Urban soils (especially Zn) 440 was less labile than the (fixed amount of) metal ions added as soluble salts to the MA soils. 441
The logistic model performance was generally slightly poorer than the fit achieved with multiple linear 442 regression (Appendix 4 and 5). However, Eq. 4 has parameters (pH50; kM) that are more clearly related 443 to the mechanisms that control trace metal lability and provides extrapolative predictions that remain 444 realistic. Therefore, the simple logistic equation, expressing %ME solely as a function of pH, is perhaps 445 a more robust model for predicting metal lability solely and more useful than regression coefficients for 446 comparative purposes. 447
Over-prediction of %ME values in the Urban soils compared to the MA soils probably reflects the 448 characteristics of the contaminant source on metal lability. This conclusion is further supported in Fig.  449 3 by the greater scatter of %ME values for the Urban soils seen for Cu and Cd and perhaps also the 450 flatter trend with pH seen for Ni and Zn in Urban soils suggesting a primary mineral source less affected 451 by pH-dependent adsorption strength. In the Urban soils set, more than half of the high pH soils (> 6.5) 452
were associated with old industrial sites, i.e. brownfield, wasteland, etc. (Appendix 2), where metals 453 probably entered the soils in a relatively non-soluble form. Secondary formation of poorly soluble 454 minerals in calcareous soils (Degryse, et al., 2009) or Pb minerals (e.g. cerussite or chloropyromorphite) 455 would also contribute to the trend seen. For example, the average measured lability of Pb in two 456 phosphate-rich sewage farm soils (NG14 & NG15, 13.8%) was much less than that predicted by the 457 MA-parameterized model (50.0%) suggesting precipitation of Pb phosphate minerals either in the soil 458 or during the processing of the sewage sludge. However, it was difficult to identify any specific effects 459 of historical or current land use on lability as, for example, soils from 'brownfield sites' produced values 460 of %ME for Cu ranging from 5.6% -30.5% (NG19 and NG18, Appendix 2). 461
No effect of pH on %ΔME was identified for Ni or Zn. A potential explanation is that Ni in these soils 462 may be mostly attributable to parent material; this is supported by the low total Ni concentrations found 463 (mean = 38.5 mg kg -1 ; SD = 18.4 mg kg -1 ). Only two soils had substantially higher Ni concentrations 464 ( Fig. 3) . These were both from a sewage farm (NG14 and NG15) and had the highest values of %NiE 465 (34.4% and 42.9%, respectively), suggesting that Ni lability in the sludge was high and that the soil-466 contaminant interaction was closer to the behaviour seen in the MA soils. It has been suggested 467 previously that metal lability can be more dependent on the characteristics of the sludge than properties Therefore it can be assumed that the Urban soils received Zn from sources other than parent material. 475
It is difficult to summarize the effect of land use on metal lability for the whole dataset because of the 476 complex range of Zn sources. For example, from field notes, metals in soil WV20 were probably 477 associated with canal dredgings whereas soil WV25 was contaminated from its location in an industrial 478 estate and proximity to a railway -but both soils had similar values of %ZnE (27.7% and 20.6% 479 respectively). There was only one sample where Zn lability was, unexpectedly, underestimated by the 480 MA-parameterized model and fell slightly outside of the RSD range: soil WV3 was a slightly acidic 481 woodland soil (pH = 6.1) with very high DOC concentrations (180 mg L -1 in 0.01 M CaCl2, 1g: 30 mL). 482
4.3
Aging of Cd and Zn in air dried soils during storage 483 The difference between values of ME measured in the current study and ME* measured by Tye et al. 484 (2003) for Cd and Zn may be a consequence of processes occurring within the soils or it may be the 485 result of analytical artefacts in either of the two methods ( Fig. 4) . Only a limited number of studies have 486 compared the measurement of metal lability using both radio-isotopes and stable isotopes. Sterckeman 487 et al. (2009) compared Cd lability measured using 111 Cd (stable; ME) and 109 Cd (radioactive; ME*) and 488 found that the results were equivalent but that ME data were more repeatable. Considering the range of 489
properties of the MA soils, continuing fixation of Zn may have occurred in some soils. Even in air-dried 490 soils, particles may have thin films of surface hydration which could mean that the soil remains 491 sufficiently chemically reactive to allow solid phase matrix-and surface-diffusion processes. 492
The greater difference between ME and ME* for the Urban soils was surprising as there was no 493 
Effect of non-labile soil colloidal particles on measured E-value 503
A strong correlation between %ME and %MEr was expected because as metal lability increases there is 504 less scope for a substantial effect from non-labile SCP-metal as MEr gradually approaches the value of 505 ME at 100% lability. The increase in CuE/CuEr with pH ( Fig. 2b) is in agreement with previous 506 explanations of more mobile geocolloidal particles in the soil solution at higher pH values (Lombi et 
Prediction of metal solubility and fractionation with WHAM-VII 514
Metal binding 515
For all five metals the relative importance of Fe-oxides for metal binding appeared to increase with 516 increasing pH whilst that of organic matter (HA and FA) decreased (Fig. 6) . The pH-dependency of 517 metal adsorption to Fe oxide is stronger than that of organic matter ( In contrast to Model VII for HA and FA, the surface complexation model for describing metal speciation 535 on mineral oxides may be less rigorous in (i) combining all soil oxide adsorbents into just three types 536 (Al, Mn and Fe oxides) and (ii) using a single parameter to describe heterogeneity for all metals (Lofts 537 and Tipping, 1998) and oxides (default setting). Such simplifications are reasonable to avoid the need 538 for a large parameter database limiting the applicability of the model. However, it may also be the 539 reason for greater deviation from measured values in predicting solubility in high pH soils in which 540 oxides are the dominant metal binding phases. Soils will have a range of oxide minerals, which vary in 541 surface charge characteristics, surface morphology/area, crystallinity and degree of surface 542 contamination with adsorbed anions and humus acids. All of these factors together will generate a 543 range of adsorption strengths for metal cations. As pH rises, a greater range of metal oxides contribute 544 to cation binding and so the diversity of oxide surfaces involved in metal adsorption will increase. 545 Therefore, if a speciation model generates error in predicting metal binding on oxides surfaces, the 546 effect is likely to be more significant in high pH soils as there is an accumulation of error contributed 547 by each oxide phase. In addition, there are other binding phases in soils which may actively adsorb 548 metal cations especially in high pH soils. For example, calcite (CaCO3) and hydroxyapatite 549 (Ca5(PO4)3(OH)), which are only likely to be present in soils with high pH (> 7.0 and > 6.0 respectively), 550 which is likely to affect Pb dynamics in some of the Urban and sewage sludged soils. 559
Errors associated with measurement 560
Reasons for over-estimation and scatter in predicted solubility may lie not only with model limitations 561 but also with the measurements undertaken to provide model inputs. Using reactive trace metal 562 concentrations based on ME values instead of 'total' improves the model prediction (Marzouk et al., 563 2013b) . However, poor model input data is also likely to arise from the various 'proxies' that are used 564 to represent geocolloidal binding phases. For example soil organic carbon is typically used to estimate 565 soil humic and fulvic acid while the Fe, Al and Mn oxide phases are rather crudely represented by 566 elemental extraction with a reducing reagent such as dithionite-citrate-bicarbonate solution. A 567 significant underestimation of measured solubility (> RSD) was seen for a small number of soils (e.g. 568 WV7 for Ni, Cu and Pb; WV10 for Pb, Figure 5 ). This may be a result of overestimation of some of 569 the binding phases. For example, for soil WV7, WHAM predicted 70%, 83% and 97% of binding on 570
Fe oxides for Cu, Ni and Pb, and the bias was-1.62, -0.83, and -2.25 respectively; this implies over 571 prediction of metal binding on Fe oxides. Given that generally the model algorithms underestimate 572 metal binding on mineral oxides, overestimation of metal binding suggests that, for these soils, the DCB 573 method extracted more Fe than was actually present in the Fe oxides phase, leading to an overestimation 574 of the Fe oxide content. 575
Bias in prediction of metal solubility in Urban soils 576
WHAM prediction of solubility in Urban soils generally produced a poorer correlation than that for MA 577 soils. This may be the result of slightly higher pH values in Urban soils as a consequence of the presence 578 of alkaline wastes such as cement, concrete etc. (Bridges, 1991; Rosenbaum et al., 2003) . The higher 579 metal sorption capacity seen in some brownfield soils, compared to non-urban soils, is thought to 
CONCLUSIONS
588
For all five metals, lability in the MA soils was significantly greater than in the Urban soils, although 589 the relative lability of the five metals followed the same sequence (Cd > Pb ≥ Cu > Zn > Ni) in both 590 sets of soils. Lower metal lability in the Urban soils may reflect longer soil-metal contact times but also 591 strongly suggests that metal source characteristics are more important. In the MA soils, a good 592 prediction of %E-value was achieved using both linear and logistic models with pH value as clearly the 593 most important soil property. Lability of Cu was least affected by soil properties. The addition of FeOx 594 improved the prediction for Ni and Zn lability, while MnOx was important for Pb at pH values < 5.5. 595
However, although the performance of the logistic model was no better than the linear one, it offers 596 more realistic boundaries to model outcomes (%ME = 0 -100%) and is therefore perhaps a more robust 597 model for predicting metal lability solely from soil properties and more useful than regression 598 coefficients for comparative purposes. Soil pH affected metal lability in the Urban soils in a trend 599 qualitatively similar to that of the MA soils. However, in all cases, the effect of contaminant source was 600 evident from gross over-prediction of %E-value in Urban soils using logistic models parameterized with 601 data from the MA soils. Continuing fixation of Cd and Zn may have occurred during soil storage. A 602 more pronounced difference between ME and ME* was observed in high pH soils than in acidic soils. 603 However, the difference between lability measured in 1999 and in the current study may also be due to 604 the influence of non-labile SCP-metal in the earlier measurement. 605
Overall WHAM-VII predicted trace metal solubility reasonably well for both sets of soils and bias was 606 observed mainly in soils with low metal solubility and relatively high soil pH values. For Cd, Ni and 607 Zn, the bias observed was primarily associated with the proportion of labile metal predicted to bind to 608 Fe oxides. In the case of Cu solubility, prediction bias was affected by Cu binding to particulate Mn 609 oxides, and HA and colloidal (dissolved) FA. Of the five metals, Pb solubility was most poorly 610 described. Solubility of all metals was predicted more accurately in the MA soils than in the Urban 611 soils. This was likely to be the result of slightly higher pH values in the Urban soils or could indicate 612 that the influence of metal source was not completely eliminated by using isotopically exchangeable 613 metal as our best estimate of the labile metal pool required as input to WHAM VII. The poorer 614 performance of WHAM-VII in predicting metal solubility in high pH soils may be the result of errors 615 in modelling, including the exclusion of potential adsorption surfaces such as CaCO3, or simplicity of 616 the sub-model describing metal binding with mineral oxides. However there must also be considerable 617 error associated with the simplistic representation of binding phases by measurement of 'extractable' 618 Fe and bulk soil organic carbon. 619
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